Our study objective was to compare the relative effectiveness and efficiency of quadrat and capture-mark-recapture (CMR) sampling designs for monitoring mussels. We collected data on a recently reintroduced population of federally endangered Epioblasma capsaeformis and two nonlisted, naturally occurring species-Actinonaias pectorosa and Medionidus conradicus-in the Upper Clinch River, Virginia, over two years using systematic quadrat and CMR sampling. Both sampling approaches produced similar estimates of abundance; however, precision of estimates varied between approaches, years, and among species, and further, quadrat sampling efficiency of mussels detectable on the substrate surface varied among species. CMR modeling revealed that capture probabilities for all three study species varied by time and were positively associated with shell length, that E. capsaeformis detection was influenced by sex, and that year-to-year apparent survival was high (>96%) for reintroduced E. capsaeformis. We recommend that monitoring projects use systematic quadrat sampling when the objective is to estimate and detect trends in abundance for species of moderate to high densities (>0.2/m 2 ), whereas a CMR component should be incorporated when objectives include assessing reintroduced populations, obtaining reliable estimates of survival and recruitment, or producing unbiased population estimates for species of low to moderate densities (≤0.2/m 2 ).
Introduction
Federal recovery plans for imperiled freshwater mussels identify the quantification of demographic characteristics-such as population size, age-class structure, and survival rates-as key to assessing species recovery. Estimation of demographic parameters is vital to understanding species-specific population dynamics and, ultimately, assessing population viability [1, 2] . In recent years, reintroductions of mussel species into historical habitats where they were extirpated, and augmentations of extant but generally declining populations were conducted to recover imperiled species and to prevent future losses [3] . These recovery efforts require post-release monitoring of demographic vital rates to assess restoration success and evaluate whether down or delisting criteria have been met. Data from post-release monitoring studies help biologists make informed decisions to adaptively manage populations [1, [4] [5] [6] .
Materials and Methods

Study Site and Species
Our study was conducted in the Upper Clinch River at Cleveland Islands, in Russell County, Virginia (5th-order stream, 36 • 56 15.10" N, 82 • 9 45.05" W). The Clinch River is part of the upper Tennessee River Basin, originating in southwestern Virginia and flowing southwest into northeastern Tennessee. Owned by The Nature Conservancy (TNC) and cooperatively managed with VDGIF, Cleveland Islands is characterized by four channels formed by three islands and contains suitable habitat conditions and fish hosts used by E. capsaeformis and other mussel species. In addition, this site supports a diversity of fishes, snails, and other aquatic fauna. Over a six-year period from 2006-2011, Diversity 2019, 11, 127 4 of 28 a total of 1418 translocated adult (TA) and 2851 laboratory-propagated subadult (LPSA) E. capsaeformis were reintroduced at this population restoration site. Each individual was uniquely tagged (shellfish tag; Hallprint, Inc., Holden Hill, New South Wales, Australia), measured (size = maximum shell length), and sexed for identification purposes before random distribution throughout the furthest left-descending channel (LDC) of our study site. Follow-up monitoring, using quadrat and CMR sampling methods, was initiated in 2011 to evaluate the success of these reintroductions.
To examine whether population parameter estimation may be influenced by density, size of individuals, or species-specific behavior at the substrate surface, we included two additional species, A. pectorosa and M. conradicus, in our study. We choose these two nonlisted, naturally occurring species because they occur at moderate to high densities (>0.2/m 2 ; common species whose presence can be detected with relatively low effort) at Cleveland Islands, are characterized by different maximum sizes (150, 48, and 60 mm for A. pectorosa, E. capsaeformis, and M. conradicus, respectively), and exhibit different 'availability for detection' behavior when at the substrate surface relative to E. capsaeformis. We defined 'availability for detection' behavior at the substrate surface as the visibility of apertures or mantle displays that would influence surveyor detection ability (i.e., larger apertures are more likely to be detected by the surveyor). Generally, aperture appearance at the substrate surface of A. pectorosa, E. capsaeformis, and M. conradicus are large, medium, and small, respectively. Additionally, female E. capsaeformis possess a specialized behavior in which they display a blueish-white mantle-pad lure to attract host fish in the spring to early summer [49] . This display is highly visible at the substrate surface; thus, higher detectability for reproductively mature female E. capsaeformis was expected during this period (i.e., behavior positively influencing likelihood for detection).
We determined the upstream and downstream boundaries of our study area prior to our post-reintroduction quadrat and CMR monitoring efforts by conducting a qualitative snorkel survey in the LDC and adjacent reaches extending downstream into the main channel. Observation of live E. capsaeformis or shells, presence of other mussels, substrate composition, water depth and flow, and specific locations of reintroductions were taken into consideration for study area delineation. Based on these qualitative assessments, our study area extended 240 m along the length of the river and was characterized by average wetted widths of 15 m along the 140 m reach of the LDC and 30 m along the 100 m downstream reach of the main channel. The estimated total study area was 5085 m 2 .
Quadrat Sampling
Study Design and Field Methods
We collected population demographic data for A. pectorosa, E. capsaeformis, and M. conradicus by quantitative sampling with quadrats in the early fall of 2011 and 2012. Using a systematic random sampling design with four random starts, we sampled quadrats (0.25 m 2 secondary sampling units) at regular intervals across and along our study reach. Each set of secondary sampling units (quadrats) associated with the ith random start made up one systematic random sample. The substrate surface within quadrats was visually searched for mussels before being carefully hand-excavated to a depth of approximately 15 cm. Mussels were noted as being collected at the surface versus subsurface, identified to species, measured for shell length, and sexed if possible before returning them to the substrate. Systematic random sampling using quadrats followed standardized methods [3, 9, 10, 50] . In the absence of sieving substrates from quadrats, individuals less than 1-year-old are particularly difficult to detect due to their small size (<10-15 mm). Therefore, we excluded this age-class from our analysis and defined abundance as the total number of ≥1-year-olds in the study area at a particular point in time.
Data Analysis
To investigate species-specific detectability at the substrate surface, we calculated a raw estimate of quadrat sampling efficiency (QSE) on the substrate surface by dividing the number of mussels collected at the surface by the total number collected within the quadrat sampling unit. We estimated Diversity 2019, 11, 127 5 of 28 abundance (N) by multiplying the average count per systematic sample (x) by the total number of possible systematic samples (M) in the study area [8] [9] [10] 32, 50] :
where x i = count per systematic sample, and m = number of systematic samples.
Because our sampling design consisted of four random starts, there were four systematic samples (m = 4). Dependent on the sampling area (A) of the study site, the area of the quadrat sampling unit (a = 0.25 m 2 ), and the total number of quadrat units sampled (n i ), the total number of possible systematic samples (M) was calculated as [50] :
Variance for abundance estimates was calculated using the formula [8, 10, 50] :
Datasets were assessed for normality through visual inspection of quantile-quantile (Q-Q) plots and a Shapiro-Wilk test. For normally distributed sample data, the 95% confidence intervals for estimates of abundance were calculated as:
If a departure from normality was revealed, abundance estimates were log-transformed and a delta-method approximation of variance was used to calculate 95% confidence intervals [10, 32, 50] :
Study Design and Field Methods
We conducted CMR surveys for A. pectorosa, E. capsaeformis, and M. conradicus from late spring to early fall of 2011 and 2012. Due to the considerable size of our study area, the time required to complete one sampling occasion (3-5 days) in our study, and project timeline constraints (limited to a two-year period), we chose to estimate the abundance of our study species within each year (2011 and 2012) using closed-population models. Closed-population models with capture probabilities averaging at least 0.10 require 5-10 sampling occasions to obtain reasonable estimates of population size [20] . Time intervals between the initial marking and subsequent recapture occasions should be short enough to ensure geographic and demographic closure (relative to the life-history of the species), but also long enough to allow mixing of marked and unmarked individuals (e.g., 3-7 days apart). Completing sampling within such a restrictive timeframe is not always feasible due to field conditions or labor availability. However, if closed population studies are properly designed, closed-population CMR model assumptions can be met approximately [20] . To reduce bias in our estimates of abundance resulting from violations to the underlying model assumption of population closure, our CMR study design consisted of five sampling occasions separated by 2-3-week time intervals within each study year. Sampling occasions were completed within a four-month period-a short duration of time relative to A. pectorosa, E. capsaeformis, and M. conradicus lifespans-within each year, during which populations were assumed to be closed.
To help ensure systematic and thorough coverage of the entire substrate surface within our study area, we divided the area into twelve 20 m wide sections by establishing 13 equally spaced transects (using rope) along the length of the river that extended from bank to bank. Each section was further divided into equal-width lanes (approximately 1-2 m wide) that ran parallel to the flow. Starting at the furthest downstream transect, surveyors would line up along lanes and systematically cover the substrate surface by snorkeling (or visual and tactile searching) side-by-side upstream through a section to the next transect. Upon reaching the next transect, surveyors would return to the downstream end of the section and repeat the process until all lanes within the section were completed. All study species observed at the surface of the substrate were sampled and no excavations or sieving of substrate were performed; thus, given their ability to vertically migrate in the substrate, mussels buried below the substrate surface during a sampling event were unavailable for detection. Each section was sampled independently and search efforts were recorded. After a section had been completed, we identified all mussels and recorded size (shell length), sex (if possible), and tag numbers if previously marked. Any untagged A. pectorosa, E. capsaeformis, or M. conradicus encountered were given a unique tag (shellfish tag; Hallprint Proprietary Ltd., Holden Hills, Australia), before returning them to the substrate. All nonstudy mussel species observed at the surface of the substrate during the first sampling occasion within each year were recorded; however, during all subsequent sampling events within each year, only data for target species were recorded.
Closed-Population Modeling
We modeled and estimated abundance and capture probabilities within each study year and by species using closed-population models in Program MARK [51, 52] . Abundance was defined as the number of individuals in the defined study area. Capture probability (p i ) was defined as the probability that a mussel is encountered on the ith sampling occasion (given that it was alive) in the study area. Adhering to the underlying model assumption of no 'births' during the study period and corresponding with our systematic quadrat sampling approach to estimation, we restricted our population parameter estimates to individuals ≥1 year old. Based on previous laboratory and field studies, mussel annual mortality was assumed to be minimal (<5%) for individuals (≥1 year old) within each study period ( [2, 30] , C. Carey, Virginia Polytechnic Institute and State University, unpublished data). Concerning permanent migration, adult mussels are relatively sedentary and usually spend their entire lives in the same general location with limited means of dispersal. Based on these inferences, and the absence of E. capsaeformis observations in the study area prior to translocations and releases, the likelihood that: (1) any individuals were recruited into the defined population (individuals >10 mm), (2) mortality was significant, and (3) any individuals permanently migrated in or out of the study area within a four-month period was considered minimal-thereby allowing the study to approximately meet model assumptions of demographic and geographical closure.
Using our CMR sampling data, we compiled and formatted a within-year encounter history for each individually tagged A. pectorosa, E. capsaeformis, and M. conradicus captured. Encounter histories consisted of a string of five dummy variables, representing whether the unique individual was captured [1] or not captured [0] on each of the five sampling occasions; with 2011 as an exception for M. conradicus encounter histories which were comprised of four dummy variables. The decision to include M. conradicus into the study was made after the first sampling occasion was complete; hence, there were only four possible encounter occasions in 2011.
Individual encounter histories were formatted into separate Program MARK input files by study period and species for analysis. Each record (row) of data included an individual's unique tag ID and encounter history, followed by a group frequency field (column of 1s) and an individual covariate field for mean size at capture. To obtain separate abundance and capture probability estimates for each of Diversity 2019, 11, 127 7 of 28 our three defined E. capsaeformis groups (TA, LPSA, new recruit to the population), the single frequency field in the E. capsaeformis input file was replaced by three frequency fields where a 1 was coded in the column specifying the individual's group association (e.g., an E. capsaeformis could not be coded as a TA and LPSA). To test whether E. capsaeformis capture varied as a function of sex, we included two covariates for sex classification. We included individual covariates to investigate whether capture probabilities were a function of size at capture (or varied by sex) and, if so, whether this source of variation in detectability was similar among study species or groups. Example input files are shown in Appendix A (Tables A1 and A2) .
To build closed-population models and estimate population parameters, input files were analyzed using the Huggins' Full Closed Captures with Heterogeneity data type model within Program MARK [52] , which allows incorporation of effects of time, behavior, and heterogeneity and use of individual covariates. In contrast to the full likelihood Closed Capture model, the Huggins Closed Capture model does not include individuals that were never captured in its likelihood. Rather, abundance (N) is conditioned out of the likelihood in the model (i.e., conditional likelihood model) and is estimated as a derived parameter [52] [53] [54] .
Program MARK provided derived estimates of abundance, real capture parameter estimates, and associated standard errors. If two or more models were competing (i.e., ∆AIC < 2), model averaged estimates of abundance and associated unconditional variances were computed. The lower and upper bounds of the confidence intervals for model averaged abundance estimates were derived using a log-transformation approach [55] [56] [57] .
Open-Population Modeling
We integrated 2011-2012 CMR sampling data with 2006-2011 reintroduction data to assess apparent survival rates for reintroduced E. capsaeformis and investigate the utility of incorporating reintroduction data into CMR models. We assumed the population to be open between years and closed within each four-month CMR study period. Year-to-year apparent survival probabilities (e.g., 2006 to 2007, 2007 to 2008, etc.) , and recapture parameters (p i ) within closed CMR study periods (i.e., 2011, 2012), were estimated using the Live Recaptures, Cormack-Jolly-Seber (CJS) data type in Program MARK. Apparent survival (ϕ i ) is the probability of surviving between encounter occasions and being available for recapture given that the individual has not permanently emigrated from the study area as the CJS model cannot distinguish between mortality and losses due to permanent emigration [26, 51, 58] .
The integrated 2006-2012 dataset consisted of 4269 unique encounter history records, comprised of 1418 TAs and 2851 LPSAs. Encounter histories consisted of a string of 16 dummy variables where 1s represented the initial marking and release event (2006) (2007) (2008) (2009) (2010) (2011) and any subsequent recaptures during active CMR sampling efforts (2011) (2012) , and 0s represented nonencounters. Capture parameters (p i ) associated with 2006-2011 reintroduction events were fixed to 0 to indicate that E. capsaeformis were not actively sampled on these occasions. Apparent survival parameters associated with 2011 and 2012 active CMR sampling occasions were fixed to 1, reflecting the assumption of closure within a four-month study period, and compared to fully time-dependent models using the likelihood ratio test for nested models in Program Mark. To examine whether post-release survival probabilities differed between reintroduction techniques, we included two frequency fields specifying the individual's group association as a TA or LPSA in the input file. In addition, a separate 2011-2012 dataset of active CMR sampling encounter histories was analyzed independently to examine whether transitional probabilities from 2011 to 2012 differed substantially from those estimated using the integrated 2006-2012 dataset. A CJS diagram can be found in Appendix A ( Figure A1 ).
Model Assumptions
We used Program CAPTURE to test for closure assumption violations for each closed-population dataset. While this closure test is unaffected by heterogeneity in capture probabilities, it is not appropriate for populations that may exhibit time or behavior variation in capture probabilities or temporary migration during the study period [20, 59] . Hence, additional testing for closure violations were conducted within Program MARK.
Goodness-of-fit (GOF) testing approaches within Program MARK were conducted to verify that our most general models adequately fit the data (i.e., to test underlying closed-and open-population model assumptions), and to assess overdispersion in the data. Lack of model fit indicates that the assumptions underlying the model were not met. This is assessed by measuring overdispersion, or extrabinomial noise, in the dataset-the degree to which the data exhibit greater variability than is predicted by the model. By measuring overdispersion in the data, a quasi-likelihood parameter (variation inflation factor,ĉ) can be estimated and lack of fit can be corrected for. An estimate ofĉ = 1 indicates the model fits the data,ĉ > 1 indicates overdispersion, andĉ < 1 indicates underdispersion [34, [60] [61] [62] .
To test lack of fit and produce a quasi-likelihood parameter (ĉ), we ran GOF testing on the saturated (fully parameterized) model without individual covariates in using the median c-hat approach in Program MARK. If the logistic regression for the median c-hat test failed to run on the fully saturated model, the next-most parameterized model was used. If overdispersion was detected (ĉ > 1), theĉ parameter was adjusted. If underdispersion was detected (ĉ < 1),ĉ was left unadjusted at 1 [60, 61] .
Model Building and Selection
An a priori candidate set of approximating models based on species biology and predicted sources of parameter variability (e.g., length, sex, stream discharge), selection models [20] , and a saturated model were fit to the data in Program MARK. We used Akaike's Information Criterion (AIC) to select the most parsimonious model-the best approximating model-to explain the variation in the data. The AIC is an estimator of the difference between the unknown 'true' model that explains the data and the given approximating model in our candidate set. To optimize precision and fit of the model to the data, the AIC is calculated using the model likelihood and the number of parameters in the model. The fit of the model is positively associated with model likelihood; thus, as the model fit increases, the AIC declines. More parameters in a given model indicates greater uncertainty-thus, as the precision decreases, models are penalized and AIC increases. The model with the lowest AIC in the given candidate set is the best approximating model to balance precision and fit and to describe the data (i.e., model nearest to the unknown truth) [60] .
We predicted capture probabilities to vary by species, time, sex (E. capsaeformis), and to be positively related to shell size. Based on previous field and lab studies [2, 3, 6, 30, 63] , we predicted E. capsaeformis to have relatively high (>80%) annual apparent survival rates. Likelihood ratio tests were used in Program MARK to compare nested models as needed. To test the assumption that survival is approximately 100% within 2011 and 2012 study periods, nested survival models were compared (e.g., time-dependent versus fixed parameter models). To test whether stream discharge influenced detection probabilities, we imposed a constraint of mean daily discharge (U.S. Geological Survey stream gage 03524000) on capture parameters associated with 2011-2012 active CMR sampling occasions. Parameters, variables, and covariates included in our models are defined in Table 1 .
We used the corrected AIC (AIC c ) to account for small sample sizes. If theĉ parameter was adjusted following GOF testing to account for lack of fit, then the AIC c is adjusted to yield the quasi-likelihood adjusted AIC (QAIC c ) for model selection [60, 62, 64, 65] . Models are ranked by lowest-highest AIC (AIC c or QAIC c , respectively). For each candidate model, the difference in AIC (∆AIC) between two models (the model with the lowest AIC and the given model) are provided. When ∆AIC < 2 between two models, Burnham and Anderson [60] suggest that it is reasonable to conclude that both models have approximately equal weight in the data (i.e., as ∆AIC increases, there is evidence to suggest a real difference between models). For model selection, generally models with ∆AIC < 2 have support, models within 2 < ∆AIC < 7 have less support, and models ∆AIC > 7 have no support [60, 64] . For our analysis, we reported any models with a ∆AIC < 7 relative to the most parsimonious model. Top models were chosen based on parsimony and biology, and top competing models (∆AIC < 2) were averaged to produce model averaged estimates of population parameters. 
Comparing Sampling Designs
Abundance estimates obtained using probability-based, systematic random sampling were compared to estimates produced by the model-based CMR estimator (unstandardized effect size = mean difference). Estimated standard errors (SE) and 95% confidence intervals were compared between sampling approaches and across species to assess relative precision of estimators. Species-specific estimates of sampling efficiency (on the substrate surface) in quadrats were compared to capture rates estimated by CMR models. Comparisons provided statistical and biological inference as to whether sampling method population estimates significantly differed. Biological importance was assessed based on the magnitude of effect and on a species-specific basis. For example, an effect size of 1000 individuals for E. capsaeformis would be biologically important in this study because it would cause two very different conclusions to be drawn about the survival of reintroduced individuals and the effectiveness of population restoration efforts at this site. Alternatively, the same effect size may not be biologically important for A. pectorosa or M. conradicus, both of which are established, common species at this site occurring at moderate to high density levels. Comparisons were conducted using R software (version 3.4.0; R Foundation for Statistical Computing, Vienna, Austria). To further compare the potential advantages and disadvantages of each sampling approach for monitoring mussel populations, we summarized the number of uniquely marked individuals encountered, sampling efforts, proportion of the substrate surface area sampled, and the number of different species observed using each sampling method (Table 2) . (Table A3) ; 2 = Includes our three study species and all nonstudy species; nonstudy species were collected only during the 1st CMR sampling occasion within each study year. 3 = Proportion (%) sampled at substrate surface.
Results
Quadrat Sampling
Approximately 40 person-hours of effort were required to complete sampling of quadrats each year. We sampled a total of 440 and 380 individual mussels representing 20 and 18 species in 2011 and 2012, respectively (Table A3) [3] . Actinonaias pectorosa was the most commonly sampled species in quadrats, comprising 38% of all mussels sampled and 55% of all study species' encounters, followed by M. conradicus (% all mussels and % all study species sampled = 21% and 30%), and E. capsaeformis (10% and 15%). Epioblasma capsaeformis data collections included two native recruit (27.3 and 29.1 mm) encounters that were tagged for future identification before returning them to the substrate (Table 2) .
Tests for normality revealed that sampling data for all target study species exhibited positive (right) skewness and were non-normally distributed; therefore, 95% confidence intervals for these estimates were calculated using log-transformed estimates and delta-method approximation of variance. Abundance estimates did not appear to significantly differ between study years for any study species based upon overlapping confidence intervals. However, precision in our abundance estimates varied between study years and among species (Table 3) . On average, 0.5 min of search effort was required to survey 1 m 2 of substrate surface area, and approximately 160 person-hours were required to complete CMR sampling and field data processing each year for three study species. We sampled a total of 9266 and 5707 individuals representing 25 species in 2011 and 2012, respectively ( Table 2, Table A3 ). Time between consecutive sampling occasions within each closed study period was approximately 19 days.
We made a total of 8203 and 4964 captures of 5391 and 3789 uniquely marked [M (t+1) ] study species in 2011 and 2012, respectively. On average, A. pectorosa comprised 68% of all uniquely marked and released individuals encountered and 73% of all study species captures each year, followed by M. conradicus (% of total unique and % of total captures = 27% and 23%) and E. capsaeformis (5% and 4%). A summary of initial captures and recaptures by study period for each species is shown in Table 4 . Only one native E. capsaeformis recruit (23.8 mm) was encountered across all CMR sampling occasions. Hence, reliable estimates of abundance could not be computed for native recruits (i.e., insufficient data for modeling) and we restricted our E. capsaeformis CMR analyses to two frequency groups (TAs and LPSAs). Median c-hat GOF testing indicated varying levels of overdispersion among our 2011 (ĉ = 1.93) A. pectorosa, 2011 (ĉ = 1.07) E. capsaeformis, and 2011 (ĉ = 3.50) M. conradicus datasets. A candidate set of 18 (22 for E. capsaeformis representing group effects) approximating models were fit to each dataset. Several candidate models were excluded from each analysis due to one or more nonsensical detection probabilities, abundance estimates, and associated standard errors that likely resulted from sparse data and an inability to model certain parameters. Additionally, models incorporating stream discharge did not differ from corresponding models without stream discharge and therefore were removed from model selection. There was support that capture probabilities varied by time and were positively associated with size for all three study species (Table 5 , Figures 1 and 2) . Results from 2011 and 2012 E. capsaeformis models also revealed support for an interacting time and sex effect in capture parameters. In addition, the most parsimonious 2011 A. pectorosa model, which had >87% of model support, suggested interacting time and heterogeneity effects for A. pectorosa capture parameters. Results from top competing models (∆AIC < 2) and those with some support (2 < ∆AIC < 7) relative to the most parsimonious model are shown in Table 5 . Model (-averaged) estimates of abundance by study species and year are shown in Table 3 . Generally, CMR abundance estimates did not differ between study periods based on overlapping confidence interval inspection; however, further comparison of A. pectorosa estimates and confidence intervals indicated a statistically significant decline between study periods. No other within-species comparisons (estimated by either sampling approach) suggested a significant decline or increase in abundance between 2011 and 2012 (Table 3) . There were a total of 533 recaptures comprised by 441 uniquely marked E. capsaeformis. Of the 4269 individuals initially marked, 3828 were never recaptured post-release.
Median c-hat GOF testing indicated moderate overdispersion of the data (ĉ = 1.25); therefore, we adjusted the inflation factorĉ accordingly for model selection. A candidate set of 35 approximating CJS models were fit to the data. Upon inspection of model results, we excluded several candidate models from the analysis due to one or more nonsensical survival estimates, detection probabilities, and associated standard errors that likely resulted from sparse recapture data relative to number of individuals released and an inability to model certain parameters. The likelihood ratio test between the fixed and fully time-dependent survival models revealed no significant difference; supporting our assumption that mortality was minimal within each four-month CMR study period. Of the remaining models, >98% of parameter support came from the most parsimonious model where survival was constant and recapture probabilities varied by time, group, and as a function of length (Table 5) . Point estimates (95% confidence interval) for year-to-year apparent survival were 99.2% (98.9-99.3%) for both E. capsaeformis groups (TAs and LPSAs). An independent analysis of 2011-2012 CMR sampling data revealed similar estimates of apparent survival at 98.2% (96.2-99.2%) as well as model support for group and length effects in recapture probabilities.
Comparing Sampling Designs
With the exception of 2012 A. pectorosa and M. conradicus estimates, overlapping confidence intervals for abundance revealed no significant differences between sampling design estimates. However, further inspection revealed what were considered biologically significant differences between systematic quadrat sampling and CMR estimates of abundance in 2011 and 2012 for A. pectorosa (effect sizes = 2595 and 4435 individuals) and M. conradicus (2011 = 2288 individuals) (Table 3) .
Generally, CMR estimates were more precise than quadrat sampling estimates of abundance for TA E. capsaeformis, and for A. pectorosa and M. conradicus in 2012. Overall, precision of estimates within sampling approaches generally increased with increasing number of encounters. However, neither sampling design approach provided consistent precision in estimates of LPSA E. capsaeformis abundance, which may be related to their smaller size and subsequent lower frequency of recaptures (Tables 3 and 4 ). Models could not be fit to native E. capsaeformis recruit data in Program MARK because of insufficient data (i.e., only one individual was encountered with no subsequent recaptures); therefore, no comparisons to systematic quadrat estimates were made.
Annual quadrat sampling area coverage (<2% substrate surface) and associated fieldwork efforts were considerably less extensive and intensive compared to our CMR sampling design (Table 2 ). In addition, quadrat sampling efficiencies on the substrate surface were consistently higher than CMR capture probabilities. However, we encountered more individual (target and nontarget) mussels and total species using CMR sampling relative to quadrat sampling efforts. Collectively across the two study periods, quadrat sampling efforts missed four site species that were observed during CMR sampling, including one federally endangered species. Comparatively, within study periods two to four, federally endangered species were not detected by quadrat sampling that were detected by CMR efforts (Table A3 ). (Table 3) . Generally, CMR estimates were more precise than quadrat sampling estimates of abundance for TA E. capsaeformis, and for A. pectorosa and M. conradicus in 2012. Overall, precision of estimates within sampling approaches generally increased with increasing number of encounters. However, neither sampling design approach provided consistent precision in estimates of LPSA E. capsaeformis abundance, which may be related to their smaller size and subsequent lower frequency of recaptures (Tables 3 and 4 ). Models could not be fit to native E. capsaeformis recruit data in Program MARK because of insufficient data (i.e., only one individual was encountered with no subsequent recaptures); therefore, no comparisons to systematic quadrat estimates were made. Annual quadrat sampling area coverage (<2% substrate surface) and associated fieldwork efforts were considerably less extensive and intensive compared to our CMR sampling design (Table 2 ). In addition, quadrat sampling efficiencies on the substrate surface were consistently higher than CMR capture probabilities. However, we encountered more individual (target and nontarget) mussels and total species using CMR sampling relative to quadrat sampling efforts. Collectively across the two study periods, quadrat sampling efforts missed four site species that were observed during CMR sampling, including one federally endangered species. Comparatively, within study periods two to four, federally endangered species were not detected by quadrat sampling that were detected by CMR efforts (Table A3 ).
Discussion
Our study has shown that E. capsaeformis population restoration efforts since 2006 were successful in the Upper Clinch River at Cleveland Islands, Virginia, and that CMR offers more additional applications for the inference of demographic parameters for mussels relative to quadrat data. Evidence of recruitment was documented by both sampling methods, indicating that natural reproduction is occurring for this restored E. capsaeformis population. Although other studies have used mark-recapture methods to assess mussel populations and investigate factors influencing detectability, this is the first study to directly compare the reliability and precision of CMR population parameter estimates relative to those obtained through quadrat sampling for freshwater mussels. Our 
Our study has shown that E. capsaeformis population restoration efforts since 2006 were successful in the Upper Clinch River at Cleveland Islands, Virginia, and that CMR offers more additional applications for the inference of demographic parameters for mussels relative to quadrat data. Evidence of recruitment was documented by both sampling methods, indicating that natural reproduction is occurring for this restored E. capsaeformis population. Although other studies have used mark-recapture methods to assess mussel populations and investigate factors influencing detectability, this is the first study to directly compare the reliability and precision of CMR population parameter estimates relative to those obtained through quadrat sampling for freshwater mussels. Our comparisons showed that population parameter estimates were, generally, similar between CMR and systematic quadrat sampling approaches, but that there was considerable variability in the level of precision obtained around parameter estimates between sampling designs, study years, and among species. Although CMR was approximately four times more time-intensive (person-hours effort) than quadrat sampling, we processed nearly five times the number of mussels per person-hour effort and encountered over four to eleven times the number of unique LPSA and TA E. capsaeformis individuals, respectively, than we did from systematic quadrat sampling.
Estimating species-specific demographic vital rates is essential to assessing reintroduction success, evaluating whether delisting criteria have been met, and developing effective management plans [1, 3, 26, 27] .
The common methodology for collecting mussel demographic data is through probability-based quadrat sampling designs, which have been used in the Clinch River since the mid-1970s [46, 66, 67] . Systematic quadrat sampling is a probability-based survey method for assessing rare or clustered populations, is simple to execute in the field, and offers effective spatial coverage [7, 10, 43, 50] . In addition, with probability-based sampling, the probability that a species is present at a specified mean density even if it were not detected can be estimated [10, 68, 69] .
Because not all mussels are available at the substrate surface at any point in time (temporary vertical emigration) during which a quadrat survey is being conducted, population parameter estimates may be biased if excavation is not executed [27, 41, 50, 70] . Even when excavation is applied to minimize biases associated with temporary emigration, it is unknown whether excavation disrupts substrate composition and stability, causes increased mortality, disrupts feeding and reproduction, or causes significant displacement of individuals (i.e., permanent emigration) [41] . In addition to possible biological disturbances, excavation can be resource intensive. Obtaining reliable and comparable estimates of density using quadrat methods requires some level of excavation effort to account for sources of variability in detection on the substrate surface [41, 50] . Conversely, substrate excavation is not necessary for CMR to obtain unbiased population estimates as models can account for incomplete detection at the substrate surface over time. Excavating or not, quadrat surveys are often problematic to implement in deep-water and high-velocity habitats [27] and often are inefficient at detecting the presence of rare species [41, 69] . Although useful for detecting population trends within a site, quadrat sampling provides only broad estimates of diversity, growth rates, age-class structures, and periodic survival and recruitment rates-particularly when target species are at low densities (Table 6 ). Table 6 . Summary of the general advantages, disadvantages, and recommendations regarding quadrat and capture-mark-recapture (CMR) sampling approaches to monitoring freshwater mussels. Note that the information provided in this table should not be viewed as all-encompassing or applicable to all situations and waterbodies.
General
Quadrat Sampling Capture-Mark-Recapture
Advantages
Provides robust population size estimates for species that occur at moderate to high densities (>0.2/m 2 )
Can offer improved precision of abundance estimates for species that occur at low to moderate (≤0.2/m 2 ) densities Useful for detecting trends in density within a site Useful for detecting trends in density and making reliable comparisons between sites (e.g., can account for habitat variability)
Relatively quick, simple, and cost effective to implement in wadeable study sites
Complete surface area coverage is relatively quick and simple to implement in small (<500 m 2 ) study sites Provides effective spatial coverage Spatial coverage can be customized to project objectives (e.g., complete surface area versus random strip-transect sampling)
Can detect recruitment of juveniles Can detect and obtain reliable estimates of juvenile recruitment over long-term study Suitable for follow-up monitoring of restored populations of moderate to high densities (>0.2/m 2 )
Good for monitoring restored populations regardless of density Summary statistics quick and simple to calculate relative to modeling approaches Ability to provide unbiased and improved precision in population parameter estimates (abundance, density, growth rate; survival rates; sex-ratios; growth; age-class structure) Additional probability-based quadrat sampling designs available (e.g., adaptive cluster, double, stratified sampling)
Allows for inclusion of (individual) covariates and investigating factors that influence survival and capture probabilities Accounts for imperfect detection Less reliable for between-site comparisons given inability to account for sources of habitat variability
Not the most efficient approach for measuring diversity
Recommendations
Should be conducted when survey objective is to estimate or detect trends in population size or density for species that occur at moderate to high densities (>0.2/m 2 )
Should be utilized when it is necessary to obtain accurate and precise estimates of population demographics and when monitoring the status of restored populations of endangered species and other species at low densities Determine appropriate sample size required to achieve objectives in order to reduce unnecessary sampling efforts and disturbance to substrates 
Many designs and estimators available
Overall
Having clearly defined and quantifiable objectives is essential to developing effective, efficient, and feasible monitoring programs Project goals and objectives, study area size, habitat characteristics, and availability of resources are a few important factors to carefully consider when designing a monitoring study
As it is becoming increasingly important to understand and monitor species-specific population dynamics for conservation management, the incorporation of CMR into mussel monitoring studies has steadily been expanding [25] [26] [27] [29] [30] [31] 71] . Similar to quadrat surveys, CMR is useful for estimating and detecting population trends, but in addition, it can: (1) offer improved precision in population parameter estimates; (2) provide reliable estimates of vital rates (i.e., survival, mortality, recruitment); (3) investigate factors influencing vital rates and detectability; and (4) be used to validate and improve species-specific demographic models-particularly for species occurring at lower densities [10, 17, 18, 26, 32] . Improved estimates of population parameters are partly a result of high numbers of captures and recaptures of individuals (i.e., increasing sample size). Additionally, determining what factors are important predictors of capture provides biologists with guidelines for species-specific encounter rates through time (e.g., in relation to temperature, discharge, reproductive condition), and thus informs more efficient monitoring plans [26, 27] .
The probability that a mussel is captured at the substrate surface is a function of its availability for detection and its detectability by a surveyor. Mussels generally exhibit seasonal (time) and species-specific reproductive behavior patterns of vertical migration in substrate that are influenced by environmental variables [70, 72, 73] . Particularly in the absence of excavating and sieving substrates, these patterns can strongly affect the probability of detection during a survey. Several CMR mussel studies have examined (and accounted for) abiotic and biotic factors influencing vertical migration patterns and capture probabilities. These studies found that vertical migration patterns varied by species and season, and determined that capture probabilities were influenced by reproductive behavior, shell length, water temperature, and habitat type [26, 27] . Similarly, a separate study found that individual recapture probabilities were influenced by shell length, which varied by time and species [29] . In addition, larger and older individuals tend to be more epibenthic than juveniles and smaller individuals, even during warmer months, suggesting that age and size influence their availability for detection at the substrate surface [70, 74] .
Given that a mussel is available for detection, the likelihood it is encountered can be influenced by factors such as species-specific reproductive behaviors (e.g., spawning, displaying mantle lures, lying on top of the substrate), shell length, aperture size and appearance, habitat type, survey conditions (e.g., turbidity, water depth), and can vary among surveyors [26, 27, 29] . For example, Pleurobema collina CMR surveys in the upper James River basin, Virginia, have observed discharge effects on capture rates as a result of reduced visibility associated with turbid sampling conditions (B. Watson, VDGIF, unpublished data). Differences in ability to detect individuals among surveyors can be attributed to years of experience, familiarity with target species or the study area, visual acuity, dedication, and mental or physical fatigue [26, 27, 29] . Although surveyor ability to detect adults at the substrate surface is often positively associated with increasing mussel shell length, CMR studies have demonstrated that this relationship can vary with substrate size and habitat type [26, 27, 31] . To make things more complex, many of these factors influencing availability and detectability can have interacting effects and vary by species.
Our results were in agreement with those of previous CMR studies and indicated that capture probabilities varied among species, by time, and were associated with shell length. Although our mean capture probability estimates for E. capsaeformis (2-6%) were lower than those reported for other species during the warmer months by Villella et al. [26] (7-19%), Meador et al. [27] (8-20%), and Watson et al. [75] (10-30%), our estimated capture probabilities for A. pectorosa (10-34%) and M. conradicus (6-16%) were similar. The lower capture rates of E. capsaeformis may reflect the difficulty of detecting a species existing at much lower densities (<0.4/m 2 ) than our other two study species, or be related to species-specific behavior or smaller shell size. Actinonaias pectorosa had the highest capture probabilities, presumably because individuals were comparatively larger in length and aperture size relative to other target species. Interestingly, intra-annual temporal trends in capture were similar across all three study species. Capture probabilities were higher in mid-June, and then declined by mid-July before steadily increasing through late September. Because all three species are long-term brooders-spawning in late summer and autumn, gravid through winter, and releasing glochidia the following late spring to early summer-capture probabilities may have reflected vertical migration patterns associated with reproductive behavior. Because species-specific mean capture probabilities were different between years, but intra-annual trends were similar among species, inter-annual variability in environmental conditions (e.g., temperature, stream discharge) additionally may have played a role.
Obtaining unbiased and precise estimates of specific-specific vital rates and identifying factors influencing mussel survival are important for developing effective conservation plans. Previous CMR studies have reported that annual mussel survival can be influenced by several factors, including age, shell length, habitat type, stream discharge, and invasive unionid densities [25] [26] [27] 29, 71] . Over a four-year CMR study, Villella et al. [26] estimated high annual apparent survival rates (>90%) for adult Elliptio complanata, E. fisheriana, and Lampsilis cariosa, and found that survival was time-and size-dependent. Using a Passive Integrated Transponder-tag CMR methodology, Hua et al. [30] documented high monthly survival rates (>98%) for Cumberlandian combshell (Epioblasma brevidens) in the Powell River, Tennessee, over a two-year period. Additionally, during a one-year Robust Design CMR study, Meador et al. [27] reported that variations in survival differed among habitat types and were positively associated with shell length. Similar to these other CMR study findings of high adult annual survival rates (>90%), our results indicated that E. capsaeformis exhibited high annual apparent survival probabilities (>96%). By understanding the factors affecting survival, reintroduction plan details (e.g., release site habitat characteristics; age, size, sex ratios of released individuals) can be identified and recommended to optimize survival of released individuals, and ultimately, long-term restoration success.
In addition to providing important insights into the ecological relationships affecting vital rates and capture probabilities, CMR can provide invaluable data on age and growth for improving predicted length-at-age growth models, assessing age-class distributions, evaluating spatial and temporal variations in growth, predicting chance of species recovery, and estimating species risk of extinction [26, 71, 76, 77] . Furthermore, mark-recapture studies can be used to validate previous conclusions on vital rates estimated through other approaches to assessing population parameters, such as quantitative quadrats sampling, length-at-age catch-curves or shell thin-sectioning age and growth analyses. By following unique individuals through time, we were able to estimate survival rates based on fates of individuals captured. Although original aging of uniquely marked TAs was estimated using predicted length-at-age growth curves, our study was able to assess post-release survival by integrating 2011-2012 capture histories with 2006-2011 reintroduction data (i.e., known time since release). Similarly, tagged LPSAs were of known age at release and provided concrete age-specific data for estimating annual survival rates. The results of our study were in agreement with previous predictions-high annual survival for subadult and adult age-classes-estimated using shell thin-sectioning analyses and modeling of length-at-age data of mussels collected from systematic quadrat surveys in the Clinch River, Tennessee [2] .
When combined, length-at-release reintroduction data and measurements taken during the 2011-2012 study period provided a considerable amount of data on absolute growth for E. capsaeformis. However, a von Bertalanffy growth curve [78] could not accurately be fitted to our presently available growth data for several reasons: (1) the ages of TAs were extrapolated estimates based on predicted length-at-age growth curves in Jones and Neves [6] , (2) LPSA growth data only represented younger age-classes (≤3 years-old), and (3) shell thin-sectioning was not conducted. Even though LPSA data provided known-as opposed to estimated-length-at-age, using the available data for 1-3-year-olds likely would have resulted in biased estimates of growth parameters. Through shell thin-sectioning and future monitoring at our study site, a complete age and growth data set for reintroduced E. capsaeformis can be compiled and a predicted length-at-age growth curve can be computed to compare to that of Jones and Neves [6] . Consequently, further data from marked individuals can be used to assess the accuracy and precision of shell thin-sectioning, test the assumptions of shell annuli formation for E. capsaeformis, and examine disturbance ring deposition for reintroduced individuals [79, 80] .
Also of concern is whether sampling and monitoring efforts can cause declines in abundance and density due to disturbance. Mussels are known to lay down disturbance rings, which represent brief cessations of growth due to factors such as handling or natural disturbances, but it is unknown how much disturbance-through the excavation of substrate or removal of mussels from substrate for processing-influences mortality rates or increases displacement of individuals [80] . In this study, CMR estimators indicated a significant decline in A. pectorosa abundance between 2011 and 2012; a trend not detected by the systematic quadrat survey. It is likely that displacement from the site-rather than natural or induced mortality-was responsible for this estimated decline in abundance. Other multiyear studies suggested low to no mortality from presumed similar levels of handling stress, nor did they reveal related declines in abundance [26, 80, 81] . Even though all mussels were returned to the area where they were found in the substrate, the average size of A. pectorosa individuals was larger than our other study species, and these mussels may have had a more difficult time reburrowing into the substrate after handling. This, in combination with surveyors moving about on the streambed and high flow events after surveying, may have displaced some A. pectorosa individuals downstream out of the survey area, resulting in the decline in abundance noted from the effective sampling area. Further examination is needed to assess whether this decline in abundance, estimated through CMR, can be attributed to mortality (natural or handling associated) or due to displacement outside the study area.
Despite the large number of mussel population restoration projects that have been conducted over the last century [73] , few have determined the long-term success of these efforts [82] . Detecting population trends, estimating species-specific vital rates, identifying factors influencing capture and survival, and long-term monitoring of population dynamics are essential to developing effective conservation plans and to determine long-term success of reintroduction efforts [5] . By performing and reporting post-restoration population monitoring, projects can provide insight into the relative success of method-specific restoration efforts and population viability. Both systematic quadrat and CMR sampling techniques have useful applications in population monitoring-and towards assessing population viability-but are dependent on project objectives.
Our results indicated that CMR has advantages over quadrat sampling for quantitatively monitoring mussel populations. Incorporating appropriate CMR methodologies into monitoring studies can provide greater insight into species-specific population dynamics through the ability to account for imperfect detection, increase sample size, and ultimately produce more reliable and precise population parameter estimates. However, CMR sampling can be considerably more resource-intensive than other probability-based designs, depending on the scope of the project and CMR study design. While our study was sampling-intensive in order to thoroughly compare CMR to systematic quadrat sampling population size estimators for mussels, there are many different-and less resource-intensive-sampling and data collection approaches, data analysis strategies, and statistical models available for biologists to consider when designing a CMR study. Developing an effective, efficient, and feasible monitoring program that can achieve desired goals requires identifying clearly defined and quantifiable objectives to guide informed survey design decisions [10, 43, 69] .
In addition to taking project objectives and availability of resources into consideration, the selection of an appropriate sampling design for monitoring and analysis should consider other factors such as study site characteristics and species' expected densities and distributions [8] . For example, biologists interested in employing CMR sampling across large study areas (e.g., >2000 m 2 ), or in difficult-to-sample habitats, could consider stratifying reaches (e.g., habitat type, species' densities, distributions) and allocating efforts to randomly chosen sampling units (e.g., line-transects) within randomly selected reaches because it would be less resource intensive and could still provide improved reliability and precision in population estimates relative to quadrat sampling [27] . Alternatively, if a study area is relatively small (e.g., <500 m 2 ), a CMR design surveying the entire substrate surface area could easily be implemented in a cost-effective manner. Finally, a Robust Design (integrated closed-and open-population parameter estimators) CMR study is recommended for long-term (≥3 years) monitoring as it allows for estimation of abundance and true survival with improved precision, (temporary) emigration, and recruitment rates-which is crucial to evaluating population viability [2, 21, 26, 27, 31, 33, 83, 84] . Overall, CMR approaches are appropriate and feasible for monitoring populations within or across a few study sites. However, further research is needed on the applicability and feasibility of CMR sampling to watershed-wide (i.e., spatially extensive) assessments compared to other alternative, less intensive, designs.
We recommend that monitoring projects use quadrat sampling approaches when the objective is to simply estimate and detect trends in population size for established, or restored, species of moderate to high densities (>0.2/m 2 ). Capture-mark-recapture should be used or incorporated into existing monitoring programs when objectives include assessing restored populations of reintroduced or augmented species at low to moderate densities, obtaining reliable and precise estimates of population parameters (e.g., survival, recruitment), or producing unbiased estimates of abundance with precision for species occurring at low to moderate densities (≤0.2/m 2 ). Future mussel restoration efforts should uniquely mark released individuals and incorporate a CMR monitoring and analysis component to the project to improve our understanding of species-specific demographic characteristics as well as to assess likelihood of population restoration success (Table 6) .
Even though there was not enough data on recruited E. capsaeformis for CMR models, our observations confirmed that natural recruitment is occurring-a measure of short-term reintroduction success. We believe long-term reintroduction success could not be assessed in our 2011-2012 surveys due to the time frame of the project, i.e., monitoring immediately followed reintroductions and consequential Table A1 . An example of a Program MARK input file for Epioblasma capsaeformis closed-population modeling. The first two columns represent the unique mark (tag identification) of an individual and its associated encounter history over five sampling occasions. The next three columns represent the individual's associated group (TA = translocated adult, LPSA = laboratory-propagated subadult, or recruit; can only be associated with one group), followed by three columns for individual covariates representing mean shell length at capture and sex classification. Sex classification was coded as follows (sex1 = #, sex2 = #): 1,0 = female, 0,1 = male, and 1,1 = sex unknown. Table A2 . An example of a Program MARK input file for Actinonaias pectorosa closed-population modeling. The first two columns represent the unique mark (tag identification) of an individual and its associated encounter history over five sampling occasions. The next column represents encounter history frequency (1s when modeling individual encounter histories), followed by a column for an individual covariate (mean shell length at capture within study period). The input files for Medionidus conradicus followed the same formatting, with the exception of the 2011 encounter histories that consisted of only four sampling occasions.
/*ID Encounter History Frequency Cov = Length Semicolon*/
